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 Water treatment residual (WTR) comprises 70% ferrihydrite & 23% organic matter  
 Pb(II) sorption to WTR depends on initial Pb(II) load, particle size, time & pH 
 Pb(II) was sorbed mainly to the ferrihydrite component of WTR 
 Pb(II) sorption occurs by bidentate edge-sharing and monodentate or corner-sharing 
 WTR could be a long-term effective adsorbent of Pb(II) in contaminated soils  
 
Abstract 
Pb contamination of soils is a global problem. This paper discusses the ability of an Fe-rich waste, 
water treatment residual (WTR), to adsorb Pb(II). This was investigated using batch sorption expe-
riments, X-ray diffraction, electron microprobe microanalysis, PHREEQC modelling and Extended 
X-ray Absorption Fine Structure (EXAFS) analysis. The WTR is composed of approximately 23 
wt. % natural organic matter (NOM), 70 wt. % ferrihydrite and <10 wt. % silicate material. Pb(II) 
sorption to WTR was dependent on initial Pb(II) load, particle size, time and pH, but not on ionic 
strength. EXAFS analysis at the Pb LIII-edge confirmed that Pb(II) sorbed to WTR by co-existing 
bidentate edge-sharing and monodentate or corner-sharing complexes, with 2 O at ~2.31–2.34 Å, 1 
Fe at ~3.32–3.34 Å, 2 Fe at ~3.97–3.99 Å and 1 Pb at ~3.82–3.85 Å. Linear combination showed 
that the Pb(II)-sorbed spectra were best fit with a ~0.9±0.1 and 0.1±0.1 contribution from Pb(II)-
sorbed ferrihydrite and Pb(II)-sorbed humic acid end members, respectively. Overall, we show that 
Pb(II) sorbs via strong inner-sphere complexation of Pb(II) to the ferrihydrite component of the 
WTR, which itself is stable over a wide pH range. Therefore, we suggest that Fe-rich WTR wastes 
could be used as effective adsorbents in Pb(II)-contaminated soils to help ensure sustainable terres-
trial ecosystems. 
 













Pb contamination in soils is a global problem. The UN has stated that healthy soils underpin all 17 
Sustainable Development Goals (https://news.un.org/en/story/2018/08/1016902). This is specifi-
cally relevant to SDG12 (responsible production and consumption) and SDG15 (sustainable soils). 
Lead (Pb) is a well-known, non-biodegradable toxin for which there is no 'safe' level of exposure 
(Flora et al., 2012). Excessive intake of Pb can cause disorders of the central nervous, blood, diges-
tive and renal systems (Kalia and Flora, 2005; Wani et al., 2015). Pb is a common contaminant in 
anthropogenically-impacted soils (Markus and McBratney, 2001; Carré et al., 2017 ; Shen et al., 
2017). Many remediation schemes conducted to reduce this Pb-related risk to human health add 
ameliorants to soils to decrease Pb bioaccessibility and bioavailability (McCann et al., 2015). Ex-
amples of these include Mn oxide (McCann et al., 2015), fish bone phosphate (Freeman, 2012), 
clays (Wang et al., 2019), blast furnace slag (Wang et al., 2018a), Portland cement (Wang et al., 
2018a, b), magnesium phosphate cement (Wang et al., 2018b), biochar (Mitzia et al., 2020), zero-
valent iron (Mitzia et al., 2020) and water treatment residual (WTR) (Shen et al., 2019).These tech-
niques have been shown to immobilise Pb very effectively, and most are low-cost and are widely 
available. WTR, however, is a waste product and so requires in many cases changes in legislation 
for its widespread use for Pb immobilisation. However, considering SDG12 (responsible use of re-
sources), which covers reuse of waste materials, this could reduce treatment costs compared to the 
other techniques.  
 Water treatment residual (WTR) is a solid by-product generated by drinking-water treatment 
facilities worldwide and is commonly disposed of by landfill. It is a sludge-based waste which is 
produced during water purification as a consequence of the coagulation process. WTRs are known 
to contain high quantities of Fe or Al (oxyhydr)oxides and natural organic matter (NOM) (Castaldi 
et al., 2015). The capacity of Fe-rich WTR (Fe-WTR) as a sorbent of the oxyanion phosphate for 
potential control of nutrient-rich runoff and pollution prevention in downstream waters has been in-











capacity to immobilise metalloids such as As (Makris et al., 2009; Nagar et al., 2010), and metals 
including Cd, Cu, Pb and Zn (Chiang et al., 2012; Castaldi et al., 2015; Shen et al., 2019). Despite 
efforts to determine the mechanisms of uptake of Pb on Fe-WTR, no consensus has been made on 
these mechanisms, and on whether the Pb sorbs preferentially to the organic or inorganic compo-
nents in this material (Castaldi et al., 2015; Shen et al., 2019). Such an understanding will help to 
assess WTR’s sorbent capabilities for Pb, optimise adsorption pathways, design effective in situ sta-
bilisation technologies and understand the long-term stability of the Pb-sorbed Fe-WTR. To address 
these issues, this study aimed to investigate the sorption behaviour, mechanisms and capacity of Fe-
WTR for Pb. We present macroscopic and spectroscopic investigations in which batch sorption ex-
periments were used to assess the Pb(II) sorption capacity and behaviour of WTR as a function of 
initial solution concentration, pH, ionic strength, contact time and particle size. We also compare 
the Pb sorption capacity and behaviour of WTR to that of its end member components ferrihydrite 
and humic acid, using X-ray absorption spectroscopy, in order to investigate the role of these in 
Pb(II) sorption. This study is essential to explore the potential of using WTR to immobilize Pb in 
terrestrial environments helping to improve terrestrial ecosystems (SDG15) whilst reusing a waste 
material (SDG12). 
 
2. Materials and Methods   
2.1. Materials  
This study was carried out with water treatment works (WTR) residue, ferrihydrite (Fh) and 
natural organic matter (NOM). WTR was collected in 2011 from Broken Scar, a water treatment 
works facility managed by Northumbria Water Ltd in north-east England. Broken Scar WTW uses 
Fe-based anionic polyacrylamide with Na acrylic coagulants, and generates the largest quantity of 
WTR per annum in north-east England (3570 tonnes/yr dry solids in 2010-2011). Two-line ferrihy-
drite was used as the first of the model WTR end-members, and was synthesised following the 











WTR and ferrihydrite were air-dried at 20 C, ground using a mortar and pestle, sieved to < 63 μm 
and stored in the dark in clean screw-top polypropylene tubs.  
Humic acid (HA) is often used to represent the hydrophobic fraction of NOM in laboratory 
experiments and it was considered appropriate for use as the second of the WTR end-member since 
it has been found that the hydrophobic, high molecular weight NOM fractions are more efficiently 
removed from raw water during coagulation treatment than the hydrophilic lower molecular weight 
fractions (Matilainen et al., 2010; Sharp et al., 2006). A small proportion of the carbon present in 
WTR originates from the organic polymer used in the flocculation process. At Broken Scar WTW, 
the polymer used was Flopam AN913 SEP (pers. comm, L. Dennis, NWL, 2011). In 2011, the aver-
age TOC concentration of the raw water feeding Broken Scar WTW was 10 mg/L (NWL data) and 
the average dose of Flopam polymer to raw water was set to not exceed 0.25 mg/L (pers. comm., 
SNF, 2012). Based on these figures, the amount of added carbon was calculated to be approxi-
mately 1 to 2% of the natural carbon. Therefore, HA (Sigma Aldrich, UK) was selected to represent 
the NOM fraction of WTR for subsequent Pb(II) sorption experiments. Humic acid (HA) was pur-
chased from Sigma Aldrich, UK.  
 
2.2. WTR, ferrihydrite and humic acid characterisation  
The WTR was characterised for pH and EC (ISO 10390 method, 2005), Ctot and Ntot (COS-
TECH 4010 elemental combustion system), pseudo-total Fe and Pb concentrations (aqua regia di-
gestion followed by ICP-MS and ICP-OES analysis), X-ray fluorescence (XRF; Spectro X--‐Lab 
2000), mineralogy (X-ray diffraction, XRD, Bruker AXS D8 Advance powder diffractometer using 
Cu-K radiation, 20 to 80 2 with a step size of 0.02 2) and specific surface area (SSA; Micro-
metrics Tristar 3000 Gas Adsorption Analyser using BET method; Brunauer et al., 1938). A sub-
sample of the WTR was air-dried at 20 C, ground using a mortar and pestle, sieved to < 63 μm and 
stored in the dark in clean screw-top polypropylene tubs at room temperature prior to the batch 











 Following preparation, the ferrihydrite precipitate was left to air dry before being ground to 
< 63 μm for sorption experiments. A subsample was freeze-dried and analysed by XRD and SSA 
using the methods described above. The HA was characterised using the SSA method described 
above. 
 
2.2. Batch Pb(II) sorption experiments  
Batch Pb(II) sorption experiments were carried out at room temperature (22±2 C). Adsorption iso-
therm experiments designed to test the effect of initial Pb(II) loading were conducted at pH 5, with 
a 3 d contact time and a solid-solution ratio (SSR) of 10 g/L, using Pb(II) concentrations ranging 
from 10 to 300 mg/g (mg Pb(II)/g adsorbent) in 0.1 M NaNO3. Experiments were also carried out at 
0.01, 0.05, 0.1 and 0.5 M NaNO3 to study the effect of ionic strength on Pb(II) sorption, using 
Pb(II) concentrations of 25 - 200 mg/g at pH 5, 3 d contact time and 10 g/L SSR. To measure the 
effect of contact time, experiments were run for 1 h, 2 h, 4 h, 8 h, 1 d, 2 d, 4 d, 7 d, 14 d and 21 d 
using Pb(II) concentrations of 25 - 200 mg/g in 0.1 M NaNO3, at pH 5 and SSR of 10 g/L. The ef-
fect of pH was studied by conducting experiments at pH 3, 4, 5, 6 and 7 (to cover the sorption edge 
of Pb(II) on ferrihydrite; Bargar et al., 1997b; and the main pH range for most soils) using Pb(II) 
concentrations of 25 - 200 mg/g, 3 d contact time and SSR of 10 g/L. Suspensions of adsorbent in 
0.1 M NaNO3 were adjusted to the required pH prior to addition of Pb(II) stock solution and held at 
the set pH for the duration of the experiment with drop-wise additions of NaOH or HCl. Sieve-size 
fractions of <63 μm, 63-250 μm, 250-500 μm, 500 μm-1 mm and 1-2 mm were used to study the 
effect of particle size on Pb(II) sorption. Experiments were carried out at pH 5 in 0.1 M NaNO3 and 
3 d contact time and 10 g/L SSR using Pb(II) concentrations of 25 -200 mg/g. Pb(II) sorption exper-
iments using Fh and HA were conducted at pH 5 using various Pb(II) concentrations in 0.1 M 
NaNO3, 3 d contact time and SSR of 10 g/L.  
Adsorption samples were prepared at 10 g/L solid:solution ratio (SSR) by adding the re-











and adjusted to the required value by the drop-wise addition of 0.1 M NaOH or 0.1 M HCl whilst 
gently shaking the suspension. Suspensions were shaken at 150 rpm on a reciprocal shaker for the 
desired contact time, during which the pH was monitored and adjusted when necessary. The final 
pH was recorded before suspensions were centrifuged and filtered (0.45 μm cellulose acetate sy-
ringe filters) into 15 mL Corning polypropylene centrifuge tubes. Samples were acidified with con-
centrated HNO3 and stored at 4 C prior to analysis by atomic absorption spectroscopy (AAS). All 
experiments were performed in triplicate. Pb and Fe were analysed by AAS using a Varian Spec-
trAA 220FS instrument.  
 
2.3. Electron microprobe microanalysis (EPMA)  
Polished blocks of air-dried unreacted and Pb(II)-sorbed WTR samples were analysed by electron 
probe microanalysis (EPMA) and X-ray mapping using a Jeol 8100 Superprobe (WDS) with an Ox-
ford Instrument Inca system (EDS). Energy spectral data were collected in the 0-20 eV range. Map-
ping of Fe, O and Pb was carried out using an accelerating voltage of 15 kV, current of 2.5 mA and 
beam diameter of 1 μm. 
 
2.4. EXAFS analysis 
Analysis of the Pb LIII-edge Extended X-ray Absorption Fine Structure (EXAFS) was carried out to 
investigate the speciation and bonding environment of the Pb(II) sorbed on the WTR, Fh and HA, 
on Station I20 at the Diamond Light Source Ltd, Didcot, UK. The samples used were those pre-
pared at low loadings (10 mg Pb/g WTR, Fh or HA) and high loadings (200 mg Pb/g WTR, Fh or 
HA) at pH 5. To further investigate the influence of pH on sorption of Pb(II) on WTR, an additional 
sample at 10 mg Pb/g WTR at pH 4 was analysed.  
 XAS data were collected at the Pb LIII-edge (13.035 keV) for the Pb(II)-sorbed WTR, Fh 
and HA. Samples were presented to the X-ray beam as thick pastes approximately 1 mm thick, 











were sealed either side of the sample slots with Kapton tape. XAS data were collected from up to 36 
scans in fluorescence mode using a Ge 9-element detector. A series of test scans were performed 
prior to data collection to confirm that there was no photo-redox or visible drying of the sample dur-
ing data collection. Energy calibration was achieved by assigning the first inflection point the Au 
LIII-edge to 11.919 keV.  
XAS data reduction was performed using ATHENA (Ravel and Newville, 2005) and the 
spectra were fit using DL_EXCURV (Tomic et al., 2005). The spectra were fit in k-space over 3 – 
11 Å-1, with no Fourier filtering during data analysis, and the fitting initially included full multiple 
scattering as coded in EXCURV98 (Binsted, 1998). Multiple scattering calculations require specifi-
cation of the full three dimensional structure of the Pb coordination environment (i.e., atomic type 
and coordination of the surrounding atoms, and thus both Pb-atom bond lengths and bond angles). 
This was done using hypothetical model clusters with fixed atomic type and atomic coordination 
and with C1 symmetry, for various different possible Pb surface complexation coordination geome-
tries (including mononuclear monodentate, mononuclear bidentate edge-sharing and mononuclear 
bidentate corner-sharing, where mononuclear refers to the number of Pb atoms in the surface com-
plex). Comparison of the fits with and without multiple scattering showed that its inclusion offered 
no statistical improvement, and best fits are therefore presented without multiple scattering in a 
shell-by-shell approach. 
 The number of independent data points (Nind) was determined using Stern’s rule (Stern, 
1993) as 2ΔkΔR/π + 2 (Booth and Hu, 2009) where Δk and ΔR are the range in k and R-space actu-
ally fitted; as such, Nind = 12. The number of fitted parameters (Npar) was determined as the total 
number of parameters optimized during the various model refinements and was always less than 
Nind. Typical errors associated with EXAFS modelling over the k-range used here are 15% and 25% 
for first and second shell coordination numbers, respectively, ±0.02 and 0.05 Å for first and second 











spectively (Binsted, 1998). The quality of the fits provided by the different model clusters was as-
sessed using the EXAFS R-factor, with an absolute index of goodness of fit (used for comparing fit 
quality between clusters where Npars was not equivalent) given by the reduced Chi
2 function (all as 
coded in EXCURV98; Binsted et al., 1996; Binsted, 1998). 
 Linear combination of the end-member first derivative spectra for Pb sorbed to ferrihydrite 
and humic acid was performed in ATHENA over -20 to 30 eV either side of the absorption edge, in 
order to provide an initial fit to the WTR spectra (using the 1 wt. % Pb sorbed end-members at pH 5 
for WTR9_10 and WTR11_12, and the 20 wt. % Pb sorbed end-members at pH 5 for the 
WTR17_18). During the fitting, component sums were not constrained to equal one. The errors re-
ported are those typically applied to 2-component mixtures during the linear combination of EX-
AFS data (at ± 10%; Kim et al., 2000). 
 
3. Results  
3.1. Characterisation of WTR, synthetic ferrihydrite and humic acid 
XRD spectra for the WTR and synthetic ferrihydrite are shown in Figure 1. The scans 
yielded relatively poorly-resolved reflections with high backgrounds. Nevertheless, the two broad 
peaks at ~2.55 Å and 1.50 Å characteristic of 2-line ferrihydrite (Schwertmann and Cornell, 2000) 
were observed in both samples. The other peaks present in the WTR are attributed to quartz (3.34 
and 1.82 Å) and goethite (4.19, 2.69, 2.46 and 1.72 Å). Based on an estimation of the C content of 
NOM as 58 wt. % (Rowell, 1994) and the approximate structural formula for ferrihydrite of 
FeOOH0.4.H2O, of which Fe constitutes 58 wt. % (Hiemstra and van Riemsdjik, 2009), it can be es-
timated that the WTR contains approximately 23 wt. % NOM and 70 wt. % ferrihydrite, with the 
rest (less than 10 wt. %) considered to be silicates from sand and clay inputs. The WTR contains 
13.3 wt. % Ctot, 0.55 wt. % Ntot, 41.0 wt. % Fe, 88 mg/kg Pb (Table S1), and has a pH of 6.0 and 











The specific surface area (SSA) of the WTR was measured to be 4.10 ± 0.09 m2/g, similar to 
other reported values for ferrihydrite-NOM co-precipitates (e.g., Tampa, Florida WTR, 25 wt. % 
Fe, 14 wt. % C, SSA 3.9 m2/g; Makris et al., 2004a). The SSA of the Fh was measured to be 280 ± 
2.83 m2/g, in agreement with previous research (200-350 m2/g for synthetic 2-line ferrihydrite; Eg-
gleton and Fitzpatrick, 1988; Schwertmann and Cornell, 2000). The SSA of the HA was measured 
as 0.97 ± 0.03 m2/g, which is at the lower end of the range of values previous reported by Chiou et 
al. (1990; 0.61-18 m2/g), but higher than that reported by Du et al. (2018; 0.2 m2/g). 
 
3.2. Batch Pb(II) sorption experiments  
Figure 2a shows that the quantity of Pb(II) sorbed increased as the initial Pb(II) load in-
creased from 10 to 300 mg Pb(II)/g < 63 µm diameter WTR at pH 5; however, the percentage 
Pb(II) sorbed decreased from 100% at 10 mg Pb(II)/g WTR to 45% at 300 mg Pb(II)/g WTR. Fig-
ure 2b demonstrates that the sorption of Pb(II) on WTR does not vary when the ionic strength is 
varied from 0.01 M to 0.5 M NaNO3. Similar results were noted for Pb(II) sorption to ferrihydrite 
with a NaNO3 electrolyte (Trivedi et al., 2003; Reich et al., 2010). Contact time has a significant 
effect on Pb(II) sorption on WTR with the effects being more pronounced with the higher initial Pb 
loading (e.g., 200 and 150 mg/kg Pb) experiments than with those with lower initial Pb loadings 
(Fig. 2c). Between 39% and 96% of the Pb(II) was sorbed within the first hour from systems loaded 
with between 25 and 200 mg Pb /g WTR (Fig. 2c). Thereafter the sorption of Pb(II) increased more 
slowly as contact time increased from 1 h to 21 days (Fig. 2c). Such biphasic kinetic behaviour for 
Pb(II) sorption has been reported for a range of sorbent materials including metal oxides (Strawn et 
al., 1998; Tiberg et al., 2013), organic matter (Strawn and Sparks, 2000) and other biosorbents 
(Gadd, 2009), and is attributed to instantaneous bulk diffusion and adsorption, followed by inner-
sphere complexation (Grossl and Sparks, 1995; Hachiya et al., 1984). Particle size also had an ef-











< 63 µm. The effects were more pronounced at higher Pb(II) loadings up to 200 mg Pb(II)/g WTR 
(Fig. 2d).  
 Figure 3a demonstrates that Pb(II) sorption to WTR is pH dependent, and the effect of pH 
on sorption is more pronounced at higher Pb(II) loadings. The degree of sorption was lowest pH 3, 
approximately 60%, 50%, 30% and 24% of the 25, 50, 100 and 200 mg Pb(II)/g -loadings were 
sorbed, respectively, equating to 15, 24, 30 and 48 mg/g. Similar results were reported by Trivedi et 
al. (2003) and Gustafsson et al. (2011) for Pb(II) sorption on ferrihydrite. Pb(II) sorption increased 
to 100% between pH 5 and 6 for all Pb(II)-loaded systems and remained at 100% up to pH 8 (Fig. 
3a). However, the actual quantity of Pb sorbed over the pH range was larger at the higher Pb load-
ings. Overall, the Pb sorption edges shifted to higher pH within increasing initial Pb load. 
 Less than 0.25% and <0.1% of the total Fe was released from the WTR at pH 3 and 4, re-
spectively (Fig. 3a). By comparison, Pb(II)-ferrihydrite sorption experiments conducted by Gus-
tafsson et al. (2011) showed more significant dissolution of Fe at low pH: up to 10% of the ferrihy-
drite dissolved at pH 3.0, and < 1% dissolved at pH 3.5.  
Attempted fitting of sorption isotherm data for WTR, Fh and HA (Fig. 3a) to the equilibrium 
Langmuir (Langmuir, 1918) and Freundlich (Freundlich, 1906) isotherm models (Fig. 3b) gave a 
better fit for the Langmuir equation (R2=0.994 compared to R2=0.965). The Langmuir sorption ca-
pacity (qmax) was calculated to be 139 mg/g (0.68 mM/g), showing that WTR has a very high sorp-
tion capacity for Pb(II), similar to the Fe-WTR Pb(II) sorption capacity of 120 mg/g (0.579 mM/g) 
reported by Chiang et al. (2012). These results are similar to those of Kulczycki et al. (2005), who 
found that the Pb sorption capacity of Bacillus subtilis-Fh and E.-coli-Fh composites (103.5-141 
mg/g) was much reduced in comparison to Fh (277 mg/g). 
 
3.3. XRD and EMPA analysis 
No Pb-bearing minerals were found by XRD analysis. The unreacted WTR is uniform and 











Pb(II) at 16 mg Pb(II)/ g and 100 mg Pb(II)/g loadings after 2 days, respectively, and that the con-
centration of Pb decreases towards the interior of the grains. By contrast, Pb(II) is dispersed 
throughout a < 63 μm Pb(II)-sorbed WTR particles that had undergone Pb(II) sorption at 200 mg 
Pb(II)/g loading for 3 d (Fig. 6a). Lead concentrations in this grain are fairly consistent across the 
grain at around 7-9 wt. % (average 8.5 wt. %), but are slightly higher towards the edges (Fig. 6a). 
After 21 d of Pb(II) sorption on a < 63 μm WTR particle at 200 mg/g Pb (II) loading, Pb is dis-
persed through the grain, but at higher concentrations (average 13.9 wt. %) than the 3 d experiment 
grain (Fig. 6b). 
  
3.4. Geochemical modeling  
The MINTEQv4 database in PHREEQC was used to predict the speciation of Pb in the ex-
perimental solutions (pH 5.5., 0.1 M NaNO3, aCO2 = 10
-3.5) used to generate the 10 mg Pb/g and 
200 mg Pb/g samples. These calculations show that the experimental conditions are close to those 
thermodynamically predicted to favour precipitation of Pb hydroxide and Pb carbonate (Section 
S2). Specifically, in the 10 mg Pb/g and 200 mg Pb/g solutions Pb(OH)2 is predicted to precipitate 
at pH 6.6 and 5.5, hydrocerrusite (Pb3(OH)2(CO3)2) (pH 5.1) at pH 6.5 and 5.1, and cerrusite 
(PbCO3) is predicted to precipitate at pH 6.6 and 5.7, respectively (Section S2).   
 
3.5. EXAFS analysis 
The Fh_10mgPb/g_pH5 and Fh_200mgPb/g_pH5 spectra are visually very similar and re-
veal two distinct Pb sorption distances at ~ 3.3 Å and ~ 3.9 Å (Fig. 7). Given the similarity between 
these spectra, EXAFS indicates that the mechanism of Pb sorption to ferrihydrite at pH 5 appears to 
be independent of Pb loading. These spectra were best fit by shells representing 2 O at 2.31 – 2.33 
Å, 1 Fe at 3.31 – 3.34 Å, 2 Fe at 3.93 – 3.95 Å and 1 Pb at 3.80 – 3.81 Å (Table 1). The O distance 
is in good agreement with other studies of Pb sorption on metal (hydr)oxides (Manceau et al., 1996; 











2003; Du et al., 2018). The CN of 2 O for the first shell agrees with the findings of Tiberg et al. 
(2013) and Du et al. (2018), who studied the sorption of Pb(II) on ferrihydrite. The ~ 3.3 Å Pb-Fe 
distance is interpreted as a bidentate edge-sharing complex, where the literature to date shows that 
distances in the range ~ 2.9 – 3.5 Å arise from edge-sharing bidentate sorption of Pb ions to 
Fe(OH)6 octahedra (e.g., Bargar et al., 1997b; Trivedi et al., 2003). The ~ 3.9 Å distance is inter-
preted as either a monodentate or corner-sharing complex (e.g., Bargar et al., 1997b). The coexist-
ence of both the bidentate edge-sharing and monodentate or corner-sharing complexes in Pb-ferri-
hydrite sorption samples appears to be a function of pH, with Pb-ferrihydrite sorption samples pre-
pared at pH < 5 showing evidence for the mixed sorption coordination environment (Trivedi et al., 
2003) while Pb-iron (hydr)oxide sorption samples prepared at pH > 5 showing predominantly edge-
sharing complexation (Bargar et al., 1997b; Trivedi et al., 2003). Inclusion of a shell consisting of 1 
Pb at ~ 3.8 Å significantly improved the fits and we interpret this as Pb sorbed in Pb-Pb polynuclear 
complexes (Bargar et al., 1997a). The Pb distance is less likely to be due to the precipitation of a Pb 
crystalline or poorly crystalline phase (for example, Pb(OH)2 (s)) because, despite the fact that the 
experimental conditions are close to those that are thermodynamically predicted to favour precipita-
tion of Pb hydroxide and Pb carbonate (Table S2), the EXAFS spectra do not resemble those of any 
Pb(II) (hydr)oxide or carbonate precipitates present in the literature (e.g., Manceau et al., 1996; Bar-
gar et al., 1997a). 
 Similar to the Pb-ferrihydrite spectra, the HA_10mgPb/g_pH5 and HA_200mgPb/g_pH5 
spectra are visually very alike (Fig. 7), indicating that the mechanism of Pb sorption to humic acid 
at pH 5 appears to be independent of Pb loading. The EXAFS spectra are best fit by shells repre-
senting 2 O at ~ 2.31 – 2.33 Å and 2 C at 3.23 – 3.26 Å. The inclusion of the second shell of C at-
oms significantly improved the fit and is consistent with Pb complexed to HA via phenolic OH and 
possibly carboxylic COOH groups (Manceau et al., 1996; Du et al., 2018). 
 Visual comparison of the Pb-ferrihydrite, Pb-humic acid and Pb-WTR spectra indicates that 











the Pb-humic acid spectra (Fig. 7). Linear combination of the end-member spectra confirmed this 
visual comparison, and revealed that WTR_10mgPb/g_pH4.5, WTR_10mgPb/g_pH5 and 
WTR_200mgPb/g_pH5 were best fit with a ~ 0.9±0.1 and 0.1±0.1 contribution from the Pb-ferrihy-
drite and Pb-humic acid end-member spectra, respectively. Based on this result we fitted the Pb-
WTR spectra adopting the same Pb coordination environment as fit for the Pb-ferrihydrite end-
member sorption samples. The fits could not be improved by including a shell of C atoms, either 
instead of or in addition to the Pb-Fe and Pb-Pb shells. In summary we fitted 2 O at ~ 2.31 – 2.34 
Å, 1 Fe at ~ 3.32 – 3.34 Å, 2 Fe at ~ 3.97 – 3.99 Å and 1 Pb at ~ 3.82 – 3.85 Å (Table 1). 
 
4. Discussion 
4.1. Controls on, and mechanisms of, Pb(II) uptake by, and incorporation in, WTR  
Pb(II) sorption to WTR is dependent on initial Pb(II) load (Fig. 2a), particle size (Fig. 2b), 
time (Fig. 2c) and pH (Fig. 3a), but not ionic strength (Fig. 2b). The PHREEQC results suggest that 
Pb precipitation may be have been induced in the highest [Pb] sorption systems, but the Pb(II) solu-
tions were added slowly and drop-wise to avoid introducing a shock load of Pb(II). Additionally, 
the isotherm (Fig. 4a) does not show characteristic precipitation features in that increasing Pb(II) 
concentrations did not result in a steep upturn in the graph which is the typical effect seen in a sys-
tem controlled by precipitation (McBride, 1994). In addition, the Pb distance at ~ 3.8 Å for the 
WTR and Fh EXAFS fits (Fig. 7, Table 1) is not likely to be due to the precipitation of a Pb crystal-
line or poorly crystalline phase (for example, Pb(OH)2 (s)) because, despite the fact that the experi-
mental conditions are close to those that are thermodynamically predicted using PHREEQC to fa-
vour precipitation of Pb hydroxide and Pb carbonate (Section S2), the EXAFS spectra (Fig. 7) do 
not resemble those of any Pb(II) (hydr)oxide or carbonate precipitates present in the literature 
(Manceau et al., 1996; Bargar et al., 1997a). Therefore, the H-type isotherm (Fig. 4a), PHREEQC, 











not play a major role in Pb(II) removal by WTR. Instead, our EXAFS fitting suggests that chemi-
sorption of Pb(II) to surfaces of WTR components is the dominant mechanism for Pb(II) removal. 
This is supported by the good fit to the Langmuir equation (Fig. 4b), because the Langmuir iso-
therm models homogenous, monolayer adsorption, where each molecule has constant enthalpy and 
sorption activation energy and all sites possess equal affinity for the adsorbate (Foo and Hameed, 
2010).  
Our data also suggest that intraparticle diffusion may have controlled the second slow phase 
of sorption following the initial rapid Pb(II) uptake. For example, the uniformly Pb-distributed 21 d 
Pb(II)-sorbed < 63 µm WTR grain particle (Fig. 6b) may have resulted from diffusion of Pb from 
initial enrichment at the edges of the grain after 3 d (Fig. 6a). It is proposed that diffusion of Pb(II) 
ions into WTR may be hindered in places where pores are smaller or narrower and the pore connec-
tivity is particularly constricted (cf., Makris et al., 2004b). This could result in a bottle-neck effect 
which reduces the rate of diffusion through such pores (Makris et al., 2004a). The rate of Pb(II) 
sorption would be expected to decline as the most accessible reactive sites are taken up and the re-
maining sorption sites become increasingly more difficult to reach, which is what is observed in this 
study (Fig. 5, 6). Furthermore, the initial Pb(II) loading affects the extent of diffusion, shown by the 
enrichment of Pb c. 50-80 μm into the 16 mg/g Pb(II)-loaded < 2 mm WTR grain (Fig. 5b) com-
pared to the enrichment of Pb more than 100 μm into the 100 mg/g Pb(II)-loaded grain (Fig. 5c). 
These features suggesting that Pb diffuses further into the microporous WTR in the higher Pb(II)-
loaded experiments in order to access available binding sites. 
 
4.2. Controls on Pb(II) sorption by Fh and HA end-member WTR components  
It was hypothesized that the Pb(II) sorption behavior of WTR would be intermediate to its 
end-member Fh and HA components, as proposed by other authors (Castaldi et al., 2015). HA has a 











the net surface charge on HA would be more negative than the net surface charge on Fh. This sug-
gests that HA would exhibit greater sorption capacity than Fh over the pH regime studied (cf., 
Moon and Peacock, 2011; Zhu et al., 2010). However, the sorption edge (Fig. 3b), isotherm (Fig. 
4b) and EXAFS models (Fig. 7, Table 1) strongly suggest that Pb(II) sorption to WTR is dominated 
by inner-sphere complexation to the Fh end-member over the whole pH range of the experiments. 
The finding contrasts with the results of other studies which have found that metal sorption is influ-
enced by both components in different parts of the pH regime; the presence of additional metal 
binding sites provided by the humic fraction, or new high affinity sites created when the humics 
sorb to the hydroxide surface (Moon and Peacock, 2013; Tipping et al., 1983; Zhu et al., 2010; Du 
et al., 2018). Our new finding has positive implications for the use of Fe-rich WTR in remediation 
schemes for stabilising metals such as Pb.    
The fact that WTR has a lower sorption capacity than either of its end-members suggests 
that the reactivity of the NOM and the Fh has been reduced within the organo-mineral WTR com-
posite. This may be due to intermixing of the Fh and NOM, which could protect both components 
from degradation and reduce their reactivity as a result of the binding and masking of surface sites. 
Additionally, the WTR may exhibit a more constrained, heavily cross-linked structure with a re-
duced pore network. Both of these effects would cause a reduction in Pb(II) sorption to WTR in 
comparison to its end-members. This is supported by work that has shown that NOM can mask Fh 
surfaces within organo-mineral composites (Franzblau, 2014; Kaiser and Guggenberger, 2000) 
therefore reducing the availability of Fh surface sites for metal sorption (Kulczycki et al., 2005; 
Small et al., 1999). The preferential binding of Pb(II) to the Fh component rather than the HA com-
ponent may be a result of the HA not truly reflecting the NOM component of the WTR, or to strong 
binding between NOM and Fh surface functional groups that may result in a reduced number of 
available OM sites for sorption, altered surface charge on NOM which reduces its affinity for Pb(II) 











The limited dissolution of Fe from the WTR during the Pb(II) sorption experiments suggests 
that the Fh is fairly stable within the WTR. This finding has positive implications for the use of 
WTR as an adsorbent in terrestrial environments, both because it is able to function as a Pb(II) 
sorbent across a wide range of pHs, and also that the WTR particles appear to remain stable over a 
wide pH range. Therefore, WTR waste may provide a cost-effective soil improvement technology 
for immobilising Pb in terrestrial environments helping to address both SDG 12 (responsible use of 
resources) and SDG15 (healthy soils in a sustainable terrestrial environment). In the UK, former 
Soil Guideline Values for Pb have been withdrawn as new scientific evidence on the toxicity of this 
element comes to light. However in the new more practical (but still strongly precautionary) guid-
ance on when a Potentially Toxic Element like Pb presents a risk to site users, the lowest provi-
sional Category for Screening Level (pC4SL; Defra, 2014) for Pb is 80 mg/kg (for allotment soils). 
Category 4 means that the land is not legally contaminated and the risk posed by the PTE of con-
cern is low. The Pb content of the studied WTR (88 mg/kg) is marginally above this tightest 
pC4SL, and this may occasionally limit its appropriateness for remediation, particularly for soils 
where food will be produced. If soils contain considerably more Pb than this, the high sorption ca-
pability of the WTR could make the WTR a viable option especially in the case where all of the Pb 
would be immobilised.  
 
5. Conclusions 
In the present study Fe-rich WTR was explored as a potential in situ amendment for the remediation 
of Pb(II)-contaminated soils. Results demonstrated that the WTR is an effective Pb(II) sorbent, and 
that sorption was dependent on initial Pb(II) particle size, time and pH, but not on ionic strength. 
EXAFS modeling the Pb(II) mainly sorbed to the ferrihydrite component of WTR by forming co-
existing bidentate edge-sharing and monodentate or corner-sharing complexes. Future work should 











WTR, and on trialing WTR in contaminated field soils. This would help to address SDGs and to 
provide a sustainable application for WTR as an alternative to landfill disposal.  
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Figure 1. XRD spectra for WTR and synthetic ferrihydrite. Major d-spacings are indicated for ferri-













Figure 2. Effects of initial Pb load, ionic strength, contact time and particle size on Pb(II) sorption 
to WTR. (a) Effect of initial Pb load (mg Pb/g). pH = 5, I = 0.1 M NaNO3, contact time 3 d, m/V = 
10 g/L, T = 22 ± 2ºC, < 63 µm diameter WTR grains; (b) Effect of ionic strength. Pb load 25-200 
mg Pb(II)/g,, pH = 5, I = 0.1 M NaNO3, contact time 3 d, m/V = 10 g/L, T = 22 ± 2ºC, < 63 µm di-
ameter WTR grains; (c) Effect of contact time. Pb load 25-200 mg Pb(II)/g,, pH = 5, I = 0.1 M 
NaNO3, contact time 3 d, m/V = 10 g/L, T = 22 ± 2ºC, < 63 µm diameter WTR grains; (d) Effect of 
particle size. Pb load 25-200 mg Pb(II)/g, pH = 5, I = 0.1 M NaNO3, contact time 3 d, m/V = 10 












































Figure 5. X-ray electron microprobe (EPMA) maps of (a) untreated < 2 mm diameter WTR grains, 
and Pb-sorbed < 2 mm diameter WTR grains at loadings of (b) 16 mg/g Pb and (c) 100 mg/g Pb, 













Figure 6. X-ray electron microprobe (EPMA) maps of Pb-sorbed < 63 µm diameter grains at 200 
mg/g loadings. Red lines show location of microprobe line analyses across grains; the correspond-
ing plots of wt. % Fe and wt. % Pb for these are shown below the maps. (a) Experiments reacted for 














Figure 7. Lead LIII-edge EXAFS spectra for Pb(II) adsorbed on WTR, ferrihydrite (Fh) and humic 
acid (HA). (A) k3 (k) functions; (B) corresponding RSFs (uncorrected phase shift). The experi-
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N = number of atoms in coordination shell; R = Pb-atom bond distance; σ2 = Debye-Waller factor; 
EF = Fermi energy; R-factor = EXAFS goodness of fit; Reduced 2 = EXAFS absolute goodness of 
fit. 
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